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60+ Years of nuclear power generation has led to a significant legacy of radioactively contaminated land at a number of 
nuclear licenced “mega sites” around the world. The safe management and remediation of these sites is key to ensuring 
there environmental stewardship in the long term. Bioremediation utilizes a variety of microbially mediated processes such 
as, enzymatically driven metal reduction or biominerialisation, to sequester radioactive contaminants from the subsurface 
limiting their migration through the geosphere. Additionally, some of these process can provide environmentally stable 
sinks for radioactive contaminants, through formation of highly insoluble mineral phases such as calcium phosphates and 
carbonates, which can incorporate a range of radionuclides into their structure. Bioremediation options have been consid-
ered and deployed in preference to conventional remediation techniques at a number of nuclear “mega” sites. Here, we 
review the applications of bioremediation technologies at three key nuclear licenced sites; Rifle and Hanford, USA and 
Sellafield, UK, in the remediation of radioactively contaminated land. 
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1.  Introduction and Methods for Bioreme-
diation 

Concerns surrounding global climate change have led 
to a dramatic shift in global consciousness towards atmo-
spheric carbon neutrality. This has in turn led to a renewed 
interest in energy production from nuclear fission, as nucle-
ar power emits considerably less carbon to the atmosphere 
compared to more traditional electricity-producing prac-
tices such as burning fossil fuels [1]. In spite of these ben-
efits compared to power generation from fossil fuels, the 
management of radioactive wastes generated by the nuclear 
fuel cycle remains a concern. This challenge includes the 
significant global legacy of wastes, including radioactively 
contaminated land, that remain from 60+ years of nuclear 
power generation and related activities. Clearly, manage-
ment of this legacy of radioactive wastes must go hand-
in-hand with any future nuclear fission power programmes. 

Licensed nuclear “mega sites” exist worldwide, many 
being at various stages of the decommissioning process. In 
addition to energy production, the release of radionuclides 
into the hydrosphere has historically occurred through ac-
tivities related to mining, weapons testing and nuclear acci-
dents. There are many challenges associated with remediat-
ing these sites via traditional methods of contaminated land 
remediation. For example, ex-situ treatment methods such 
as ‘dig and dump’ and ‘pump and treat’ are both expensive 
and carry an inherent risk associated with worker exposure 
to radioactive materials. The entrenchment of a permeable 
reactive barrier within radionuclide-impacted aquifers has 
been viewed as a favourable method of in-situ remediation. 
Although this technology has been successfully applied to 
treat aqueous uranium and strontium-90 contamination, the 
clogging of barrier pores with solid precipitates and the 
need for reactive material refreshment may limit the reme-
diation efficiency over long timescale [2]. In addition to ini-
tial barrier emplacement, the potential recovery of treated 
materials may expose operators to unacceptably high dose 
rates and again leads to the challenge of waste management 

of these materials. 
Microbial processes are ubiquitous in the natural sub-

surface and can impact the solubility of a wide range of 
radionuclide contaminants [3]. Thus, the targeted enhance-
ment of microbial processes through the stimulation of 
indigenous soil or sediment bacteria has received wide-
spread attention in the context of remediation technologies 
in recent decades. Removing aqueous contaminants from 
solution through microbial metabolism is a form of ‘bio-
remediation’, classified into the following four dominant 
processes (Fig. 1):

1)  Bioreduction: specialist anaerobic bacteria couple 
the oxidation of electron donors, including organic 
substrates, to the reduction of soluble and inorgan-
ic species (i.e. metals) under conditions of anoxia. 
Redox-active radionuclide contaminants are often 
soluble under their most oxidised valence states and 
precipitate as solid biominerals when reduced. In the 
presence of various electron donors, anaerobic bacte-
ria native to sediments can reduce U(VI) to U(IV) [4], 
and can facilitate the reduction of Np(V) to Np(IV) 
[5] and Tc(VII) to Tc(IV) [6] via abiotic reactions. 
Here, abiotic interactions between oxidised radionu-
clide contaminants and microbially-generated Fe(II) 
or sulfide can facilitate radionuclide reduction/pre-
cipitation, via ‘indirect bioreduction’ mechanisms [5, 
7-10]. 

2)  Biomineralisation: A broad range of microbial pro-
cesses can generate soluble ligands that form com-
plexes with radionuclide species, precipitating them 
from solution. For example, microbial phosphatases 
cleave organically-bound phosphate in order to ob-
tain for bioavailable phosphorus for phospholipid 
[11] and nucleic acid [12] synthesis. This microbial 
mechanism of enzymatic phosphate liberation from 
organophosphates induces the precipitation of phos-
phate mineral phases e.g. apatite (Ca5(PO4)3OH) 
which can sequester radionuclides, and has displayed 
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great promise for uranium and strontium remediation 
[13-15]. Other forms of microbial mineralisation can 
result in the production of insoluble sulfide and car-
bonate minerals [16, 17].

3)  Biosorption: The high affinity of radionuclides for 
microbial biomass, including cell walls and sur-
faces, can result in the removal of dissolved species 
through adsorption [18].

4)  Bioaccumulation: The intracellular uptake of radio-
nuclides by microbes [19], with transporter systems 
such as Kup for Cs+ given its similar ionic radii to 
K+ [20, 21].  

Prospective in-situ bioremediation strategies for radio-
nuclide-contaminated land and groundwaters may utilise 
several of the processes described above, and generally 
involve ‘non-invasive’ injection of the relevant biostimu-
lation reagents to promote microbial growth and metabo-
lism through boreholes [22]. If microbial abundance is low 
at the site requiring remediation, “bioaugmentation” with 
microbial inocula may be warranted. However, this re-
view details the research conducted over the past couple 
of decades investigating the potential for indigenous soil 
bacteria to remediate contaminants of particular concern at 

three radioactively contaminated sites, and discusses future 
research directions. 

2. Case Study 1-Rifle, USA

The Rifle site is a former uranium ore processing facility 
located in the west of Colorado, USA. Leaching of uranium 
mill tailings produced as a by-product of ore processing has 
resulted in U- and U-series radionuclide contamination of 
the subsurface and groundwater beneath the site. An un-
confined aquifer containing uranium contaminated ground-
water is situated within an alluvial deposit beneath the site, 
with the groundwater following a hydrological gradient and 
discharging into the Colorado River. Despite removal of the 
tailings and contaminated topsoil, uranium concentrations 
within aquifer remain elevated relative to the Uranium Mill 
Tailings Radiation Control Act (UMTRA) maximum con-
centration limit of 0.18 µM, ranging from 0.4 µM to 1.4 
µM. The presence of reduced U(IV) associated with ferrous 
and sulfide mineral phases within sediment samples taken 
from the site, indicated that natural microbial reduction of 
Fe(III) and sulphate present within the subsurface was oc-
curring and coupled to the reduction of U(VI) to U(IV) [23]. 

Fig. 1. Schematic of metal microbe interactions. Adapted from (Lloyd. et. al 2005) [16].
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The presence of these reduced U(IV) phases is sustained 
by the low dissolved oxygen content of the groundwater 
(limiting aerobic metabolism) coupled with the occurrence 
of labile organic carbon acting as an electron donor for the 
microbial respiration of U(VI), Fe(III) and SO4

2− [23-25]. 
The gradual reoxidation of these reduced U(IV) phases 
from exposure to oxygen or reaction with mineral phases 
such as Fe(III), likely occurs concomitantly with ingrowth 
of uranium provided by the migration of U(VI) contami-
nated groundwater from up gradient horizons resulting in 
the sustained elevation in the uranium concentrations in the 
aquifer sediments [25]. 

A number of experimental “biostimulation” field tri-
als were conducted to assess the potential for in-situ bio-
remediation of the uranium plume. Metal-reducing bacte-
ria, which are ubiquitous within the Rifle subsurface, were 
stimulated with acetate (via bore hole injections), success-
fully decreasing the U(VI) concentration through biotic 
reduction to less soluble U(IV) phases [23, 24]. During 
one trial in 2002, the sustained addition of acetate to the 
subsurface (over 3 months) led to a decrease in uranium 
concentration from ~1.2 µM to below 0.18 µM in some 
injection wells, within 50 days of initial injection [24]. This 
reduction in U(VI) was coupled to an increase in Fe(II) 
within groundwater, suggesting this removal of U(VI) co-
incided with the reduction of Fe(III) mineral phases, and 
suggested that iron (Fe)-reducing bacteria (FeRB) may be 
using the U(VI) in groundwaters as a terminal electron ac-
ceptor during respiration. Additional evidence for this was 
provided by analysis of 16S rRNA genes and phospholi-
pidic fatty acid profiles from within the treatment zone. 
Here the microbial community was enriched in the FeRB 
Geobacter within the initial 50 days of the acetate injection 
[24]. Beyond the first 50 days of treatment the subsurface 
biogeochemistry appeared to develop sulfate-reducing con-
ditions, presumably as a result of exhaustion of bioavail-
able Fe(III)- in sediments, with a stoichiometric decrease 
in acetate and sulphate concentrations occurring during this 
longer timeframe [24]. Enabled by the relativity high con-

centration of sulphate (6–11 mM) present within the Rifle 
groundwater [26], the onset of sulphate reduction facilitat-
ed by sulphate-reducing bacteria (SRB) after 30–50 days 
of treatment with acetate, appeared to briefly reduce the re-
moval rate of U(VI) from groundwaters [24-26]. The slow-
ing in U(VI) removal was considered, in part, due to the 
poorer efficiency of SRB to oxidise acetate (for sulfate and 
U(VI) reduction), when compared to the FeRB (Geobacter) 
dominated U(VI)-reducing microbial community enriched 
during the first month of acetate amendment [26]. Addi-
tionally, the authors suggested that the increase in pH and 
alkalinity upon sulphate reduction would directly affect the 
solubility of the U(VI) through the formation of relatively 
soluble U(VI) carbonate complexes. Indeed, the formation 
of these stable aqueous complexes was postulated to lead to 
an increased partitioning of U(VI) into the aqueous phase, 
decreasing the concentration of U(VI) sorbed to sediment 
[26]. More recently, abiotic studies have observed transient 
remobilisation of uranium to solution during sulfidation of 
U(VI)-sorbed ferrihydrite [27]. Here, the formation of a 
transient, and relatively soluble U-persulfide species was 
identified and proposed as a potential mechanism for remo-
bilisation under sulfidic conditions. 

During a 2009 field trial at Rifle, acetate injections 
lead to the formation of biogenic ferrous iron sulfides e.g. 
mackinawite (FeS) through microbial sulfate reduction 
[28]. Fe(II)- and sulphide- phases can reduce U(VI) though 
direct abiotic reaction to form insoluble U(IV) (uraninite) 
on surfaces of the reduced mineral phases [29]. Addition-
ally, the presence of sulfide phases can act as a redox buffer 
thus inhibiting future abiotic U(IV) reoxidation [30]. The 
reduced U(IV) has also been shown to be present in a rela-
tively labile monomeric U(IV) phase, and is often associat-
ed with phosphates and carbonates where microbial U(VI) 
reduction has been stimulated by electron donor additions. 
A series of column experiments conducted using cored sed-
iments from the Rifle site [28] suggested biotic- and abiotic- 
mechanisms may be operating. This may explain the differ-
ing uranium phases observed in sediments during sulfate 
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reduction, and the abundance of the less stable monomeric 
U(IV). Stabilisation of monomeric U(IV) through sorption 
to phosphate groups on biomass, or to the surface sites of 
mineral phases such as mackinawite was thought to supress 
the formation of uraninite. Additionally, the sorption of 
biomass to ferrous sulfides can propagate U(IV)- precipita-
tion by providing additional nucleation sites within the ex-
tracellular polymeric substances (EPS) encompassing the 
sorbed biomass. Both the sorbed biomass and EPS on the 
surfaces of ferrous sulfide minerals can offer U(IV) bind-
ing sites, which can provide additional stabilization and 
uranium removal through the precipitation of U(IV) phos-
phate minerals [28]. Indeed, the authors proposed that close 
association of mackinawite and biomass provides several 
possible pathways for producing U(IV) phosphate phases 
during stimulated bioremediation processes. Termination 
of acetate delivery to the subsurface at Rifle did not lead 
to an instantaneous rebounding of U(VI) concentrations, 
suggesting that the removal of U(VI) from sorbed surface 
sites during biotic reduction to U(IV) produced a source 
of additional sorption sites for aqueous U(VI) entering the 
treatment zone from up gradient [26]. Therefore, a gradual 
increase in U(VI) concentrations was seen after acetate in-
jection stopped, with a number of injection sites returning 
to their pre-injection levels of U(VI) after cessation of ac-
etate injection. The reoxidation of reduced U(IV) phases 
through abiotic reactions with any Fe(III) phases present, 
or upon ingress of oxygenic groundwater, remains an addi-
tional possible source of U(VI). Indeed, the reoxidation of 
reduced U(IV) species remains one of the main challenges 
associated with bioreduction as a means of large scale bio-
remediation of uranium contamination [3]. Although the 
formation of ferrous sulfides can limit reoxidation of U(IV) 
phases, maintaining reducing conditions, continued addi-
tion of organic election donor may be required to ensure 
reduced phases remain recalcitrant to reoxidation. More 
recently, studies using materials from other contaminated 
sites, such as Sellafield, have started to explore more stable 
endpoints for the bioremediation of groundwaters con-

taminated with uranium and other radionuclides (See Case 
Study 3). 

3. Case Study 2-Hanford, USA 

The US Department of Energy (DOE) Hanford Site, 
lies on the banks of the Columbia River in south central 
Washington State, USA occupying an area of 1,517 km2 
[31]. Work first began on the site during the early 1940s, 
were it served as a plutonium production facility for the 
American nuclear weapons program [31]. During the initial 
years, the site was subdivided into a number of operative 
areas including the 100, 200 and 300 Areas. Fuel fabrica-
tion, research and development activities occurred within 
300 area, with the synthesised fuel being used within one of 
the nine nuclear reactors that occupied the 100 area of the 
site. The 200 area was dedicated to a number of separation 
and purification plants, were irradiated reactor fuel would 
be de-canned and the plutonium recovered [31]. Although 
reactor operations were stopped in 1987, decades of opera-
tion and fuel reprocessing has left a significant legacy of ra-
dioactively contaminated land and groundwater at the site 
[32]. All three of the main operative areas have significant 
quantities of contamination within their boundaries. Dur-
ing operational periods, cooling water from reactor 100-N, 
including the primary coolant circuit, was disposed of into 
a number of crib and trench liquid waste disposal facilities, 
where percolation to the subsurface was used as a disposal 
mechanism. The cooling water disposed to these facilities 
contained a number of radioactive fission products and re-
actor generated activation products, including cobalt-60, 
cesium-137 and strontium-90 [33]. As a result, these radio-
nuclides have percolated into the groundwater at the 100-N 
area, leading to contamination of the subsurface. The Co-
lumbia River, which borders the 100-N area, has received 
fugitive discharges of a variety of radionuclides including 
90Sr, as a result of the migration of the 100-N area contami-
nation plumes toward to river [33]. In situ biominerialisation  
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has been trialled at the Hanford site to remediate the plumes 
of 90Sr within the 100-N area. The biominerialisation pro-
cess that has been assessed relies on the microbially me-
diated in situ reaction between calcium and phosphate, to 
produce calcium-phosphate and hydroxyapatite (HAP)-like 
mineral phases. These phases are thought to incorporate 90Sr 
by initial sorption and subsequent isomorphic substitution 
for Ca2+ sites within the crystal structure [34]. This reduces 
the 90Sr concentration within the groundwater plumes [35]. 
Hydroxyapatite is a favourable end state/sink for a number 
of radionuclides, including 90Sr as it has exceptionally low 
solubility (KSP = 10−44) making it recalcitrant to dissolution, 
and it is also resistant to radiation damage [36] . In situ for-
mation of calcium phosphate phases can be achieved abi-
otically via direct injection of calcium and phosphate rich 
amendment solutions into a contaminated groundwater. In 
the case of direct injection of phosphate and calcium, in-
stantaneous precipitation of a calcium phosphate phase can 
result in injection well clogging, and reduce the distribu-
tion of the calcium and phosphate amendments within the 
injected subsurface [37]. Thus, in order to optimise the in 
situ amendment, complexing calcium with citrate prior to 
injection allowed subsequent microbial degradation of the 
calcium citrate complex and thus slow release of Ca2+

(aq) 
into the groundwater. This then reacts with the inorganic 
phosphate co-injected alongside the calcium-citrate, to 
form calcium phosphate minerals. The slow release of cal-
cium and the production of calcium-phosphates enables 
more extensive distribution of the amendment solutions 
into the subsurface around the injection site, thus increasing 
the treatment area, and reducing the risk of well clogging 
[33, 35, 38, 39]. Initially, under the Hanford site conditions, 
the precipitated calcium phosphate phases are amorphous 
in nature, and strontium removal is initially dominated 
by sorption to charged surface sites. However, over time 
(months) the crystallinity of these phases is thought to in-
crease through mineral dissolution and recrystallization. 
During these processes, strontium is incorporated into the 
crystal structure forming strontium substituted HAP [35]. 

However, under Sellafield representative conditions, labo-
ratory studies have not observed this increase in Sr incor-
poration over time, suggesting that site specific factors may 
affect the longer term incorporation rate [15]. 

The ionic strength of a citrate/phosphate amendment 
solution is an important parameter to consider prior to in-
jection. As strontium attenuation within the subsurface is 
predominantly governed by weak outer sphere sorption to 
the surface of mineral phases e.g. iron oxides. In this form 
Sr2+ is highly susceptible to mobilisation through cation ion 
exchange with mono and divalent cations [40]. As a result, 
the injection of high ionic strength amendment solutions 
risks increasing the strontium concentration in the aqueous 
phase, due to rapid desorption from the surface of mineral 
phases. Indeed, work carried out at Hanford noted a sig-
nificant increase in aqueous 90Sr concentrations upon the 
addition of high ionic strength amendment solutions dur-
ing series of laboratory and field studies investigating the 
optimum amendment concentration [39]. One possible so-
lution to this, is to use a calcium deficient amendment solu-
tion. The lower calcium concentration reduces the overall 
ionic strength of the solution, reducing the amount of outer 
sphere adsorbed Sr2+ remobilised from the sediment, whilst 
enabling enough phosphate release to the subsurface to 
produce sufficient apatite to effectively sequester 90Sr [33, 
35, 39]. A second possible solution is to use a two-stage 
injection process. Firstly, an injection of a low concentra-
tion amendment solution could be delivered, designed to 
sequester strontium in the immediate vicinity of the injec-
tion site via calcium phosphate mineralisation which will 
sorb strontium, thus preventing widespread desorption and 
migration further into the aquifer. Secondly, an injection of 
a higher concentration solution can then occur without the 
risk of ionic strength related strontium re-mobilization in 
the immediate area surrounding the injection site [39, 41]. 
The authors of Hanford studies have experimented with 
several different amendment solutions during both labora-
tory and field bioremediation trials, with the aim of opti-
mising the formation of calcium-phosphate phases, whilst 
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minimising initial 90Sr desorption. For the field conditions 
at the Hanford site, a solution mixture of 3.6 mM calcium, 
9 mM citrate and 40 mM phosphate proved optimal [35]. A 
95% decrease in 90Sr concentration in groundwater was re-
ported over 1 year in monitoring wells down gradient of the 
injection site, compared to the highest baseline level. There 
was also a long term effect with a significant reduction in 
90Sr flux entering the Columbia River for several years after 
the injection of citrate amendment solutions [35]. 

4. Case Study 3-Sellafield, UK

The Sellafield nuclear site is located in west Cumbria, 
UK situated along the Irish Sea coast covering an area of 6 
km2 [42]. Over its 60 year operational history, the site has 
provided numerous roles, including developing civil power 
reactors and hosting a number of nuclear fuel reprocessing 
and storage facilities. As a result of these legacy operations, 
leaks of radioactive material have occurred, resulting in ra-
dioactively contaminated land [43]. Much of the contami-
nation on the site is due to fugitive emissions of radioac-
tively contaminated liquors and/or leaching of radioactive 
wastes [44]. The migration of radionuclides down gradient 
from the source of contamination. The rate of migration de-
pends on the contaminant and biogeochemical properties 
of subsurface environment, but in most cases significant at-
tenuation occurs via interactions with subsurface sediments 
[43]. 

Building on the literature, microcosm studies using a 
range of sediment samples representative of the Sellafield 
subsurface, displayed varying abilities to support the mi-
crobial reduction of mobile U(VI) to sparingly soluble 
U(IV) concomitantly with Fe(III) reduction [45]. Acetate 
was the electron donor used in this study. Coupling the 
oxidation of simple organic acids such as acetate to the 
reduction of U(VI) typically results in the formation of 
poorly soluble U(IV), as either nanocrystalline UO2 and/or 
“monomeric” U(IV). However, this can be susceptible to 

oxidative dissolution and subsequent U(VI) remobilisation. 
Consequent to this study, the Sellafield sediment (RB27) 
was used in a series of microcosms investigating the re-
sistance of bioreduced U(IV) to oxidative remobilisation. 
The study examined the effects of sediment aging and re-
sidual electron donor concentrations on the stability of non-
crystalline U(IV) [46]. Dissolved oxygen and nitrate were 
chosen as the oxidants for the U(IV) bearing bioreduced 
sediments. Both are realistic oxidants in the radionuclide-
impacted/remediated sediment given: i) aquifer recharge 
with oxygenated groundwater and ii) elevated nitrate con-
centrations at nuclear facilities resulting from a range of 
processing operations on site and/or local enhancements 
of nitrate from e.g. agriculture [43]. Recalcitrance of the 
U(IV) precipitate to reoxidation did not increase with age-
ing of the bioreduced sediment prior to reoxidation. Total 
U(VI) remobilisation was observed approximately 60 days 
after exposing the bioreduced U(IV)-bearing sediments to 
oxic conditions. However, the presence of residual electron 
donors markedly improved the retardation of U(IV) oxida-
tion upon nitrate addition. After 20 days of incubation, the 
addition of 3 mM nitrate failed to mobilise greater 30% of 
the bioreduced (IV). In fact, the removal of U(VI) occured 
over the next 15 days once maximum U(VI) remobilisation 
was achieved. This is likely due to total nitrate utilisation 
by the native bacterial community. The addition of 30 mM 
nitrate was required to remobilise roughly 70% U(VI) af-
ter approximately 30 days. Elevated nitrate concentrations 
partially inhibit microbial U(VI) reduction presumably as 
bacteria preferentially reduce nitrate over U(VI), given its 
more favourable energy yield [47]. 

Other microcosm studies using sediment RB27 docu-
mented the metabolic diversity of the indigenous bacteria. 
Various organic substrates were used to reduce both U(VI) 
to U(IV) [48] and Tc(VII) to Tc(IV) [49], in order to pre-
cipitate biominerals targeted to be recalcitrant to oxidative 
dissolution. The uranium study showed that the addition 
of glycerol phosphate successfully stimulated at least two 
types of indigenous microbial activity. These included the 
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initial hydrolysis of the C-P bonds resulting in the liberation 
of inorganic orthophosphate and glycerol to solution, and 
the subsequent oxidation of the glycerol linked to biore-
duction of U(VI) to U(IV). The resultant uranium precipi-
tated was a recalcitrant U(IV)-phosphate species similar to 
ningyoite [CaU(PO4)2·2H2O]. Regarding technetium reme-
diation, a series of remediation amendments were added to 
sediment microcosms aimed at stimulating reducing condi-
tions conducive to causing reductive Tc(IV)-scavenging to 
treated sediments [49] . For example, adding the commer-
cial metal remediating product Hydrogen Releasing Com-
pound (HRC) to groundwater causes the sustained release 
of lactate. The microbial oxidation of lactate contributed to 
the removal of Tc(VII), forming a recalcitrant Tc(IV) end-
point via enzymatic or biogenic Fe(II)-mediated reduction 
[49]. 

Other sediment microcosm studies using soil samples 
obtained from a locality along the Calder River, Cumbria, 
UK approximately 2 km north of the Sellafield Site, have 
further demonstrated how various enzymatic processes 
may be stimulated to remediate radionuclides in groundwa-
ters. Biostimulated denitrification processes in carbonate-
buffered, nitrate-amended sediment microcosms enhanced 
strontium removal through the increased pH in the closed 
systems and resultant precipitation of strontium-associated 
carbonate phases [17]. This co-precipitation of Sr2+ cations 
with calcium carbonate phases is often the targeted end-
point to remediation studies [50, 51]. 

Enrichments of Fe(III)-reducing bacteria, native to the 
Calder River sediments were assessed for their potential 
role in remediating simulated groundwaters contaminated 
with Sr2+ (including ultra-trace level 90Sr) and Tc(VII) [52]. 
The study compared the impacts of immediate exposure 
to pre-formed Fe(II) biominerals, versus exposure to pro-
gressive Fe(III) bioreduction and more gradual resultant 
Fe(II)-mineral formation, as well as the pH (either 7 or 9). 
The reduction of Fe(III) to Fe(II) minerals such as siderite 
(FeCO3) and vivianite (Fe3(PO4)2·8H2O) at both starting pH 
values coincided with approximately 80% Tc(VII) removal 

in both Fe(II) enrichment systems to form poorly soluble 
Tc(IV). In the case of ultra-trace-level 90Sr levels, progres-
sive Fe(III) reduction at both starting pH values resulted 
in slightly more 90Sr removal compared with introducing 
Fe(II) biominerals at the start. A significant and immedi-
ate increase in biogenic Fe(II) production coincided with 
a rapid decrease in aqueous 90Sr, however, further 90Sr re-
moval was not sustained despite increasing Fe(II) genera-
tion. Nonetheless, the faster rate of initial 90Sr removal with 
progressive Fe(III) bioreduction compared with adding 
Fe(II) minerals at the start, suggests that sorption to Fe(II) 
biominerals was the mechanism responsible for 90Sr re-
moval. The failure to enhance Sr2+ removal in either Fe(II)-
bearing system at a starting pH of 7 was notable especially 
in the context of the Sellafield sub-surface pH which is cir-
cumneutral. 

Denitrification experiments using low nitrate concen-
trations stimulated the electron accepting cascade NO3

−  
> Mn(IV)/Fe(III) > SO4

2−, suggesting microbial NO3
− re-

duction may have a positive impact on sediment condi-
tioning to bioreducing conditions [53]. Under bioreducing 
conditions, concomitant NO3

− and Mn(IV) reduction (in the 
presence of added Mn(IV)) resulted in approximately 90% 
Np(V) removal prior to Fe(III) reduction, and near total re-
moval by the onset of SO4

2− reduction [54]. Adding Mn(IV) 
and NO3

− helped establish a diverse anaerobic microbial 
community that developed reducing conditions and Np(V) 
removal continued during initial stages of Fe(III) reduc-
tion, likely through abiotic reduction of Np(V) to Np(IV) 
by surface-associated Fe(II). 

The impact of microbial NO3
− and Fe(III) reduction 

on the remediation of groundwater co-contaminated with 
strontium and Tc(VII) was later assessed in a series of flow-
through column experiments containing the Calder River 
sediment [55]. Column experiments represent an impor-
tant progression from batch sediment microcosms as they 
attempt to bridge between static experiments and the dy-
namic conditions in the subsurface. Separate columns were 
saturated with groundwater amended with 99mTc(VII), Sr2+ 
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and NO3
−, which was pumped upwards through the column. 

The influent was then switched to groundwater containing 
acetate and 12 μM strontium. Use of the gamma-emitting 
99mTc(VII) (half-life = 6 hours) also allowed for the migra-
tion of Tc(VII) to be imaged using a gamma-camera, vi-
sualising the location of ultra-trace-level 99mTc(VII) within 
the sediment core and its real-time reduction to Tc(IV) and 
immobilization [56]. Maintaining acetate ingress over 120 
days resulted in the precipitation of 99mTc(IV) near the base 
of the column. Pulsing the introductions of acetate after 60 
days of continual influx produced a more even distribution 
of 99mTc(IV) throughout the column. Given the successful 
bioremediation of aqueous U(VI) using glycerol phosphate 
[48] the same mechanism was investigated in a microcosm 
study with groundwater co-contaminated with strontium 
and Tc(VII) [15]. The microbial response to glycerol phos-
phate amendments selected for anaerobic communities 
featuring the phosphate-liberating Chryseobacterium sp. 
and an Fe(III)-reducing Serratia sp. Strontium was par-
tially removed as both sorbed to calcium-phosphate and 
with some evidence for incorporated strontium -phosphate. 
Tc(VII) was reduced to hydrous Tc(IV)O2 like phases in 
the study, likely through a combination of the microbial 
coupling of glycerol oxidation to Fe(III) reduction, with 
indirect Tc(VII) reduction by surface-associated biogenic 
Fe(II). There was no evidence for Tc association with the 
amorphous hydroxyapatite-like phase and the bioreduction 
endpoint remained relatively susceptible to the oxidative 
remobilisation of Tc(VII). A previous study investigat-
ing the abiotic reduction of Tc(VII) using Sn(II)-doped 
hydroxyapatite suggested that Tc(IV) was immobilised 
through incorporation into the hydroxyapatite phase [57]. 
The substitution of PO4

3− for Tc(IV) within hydroxyapatite 
lattices was the proposed removal mechanism, describing a 
Tc(IV) endpoint more resilient to reoxidation than hydrous 
TcO2-like phases [57, 58]. 

Research in these systems continues with development 
of groundwater compositions and selection of different 
sediment lithologies as well as movement to more dynamic 

column and ultimately field scale experiments an obvious, 
if challenging, next steps.

5. Conclusions

This review gives an overview of bioremediation op-
tions for the nuclear sector, focusing on three case studies 
that have explored the in situ (bio)stimulation of radio-
nuclide mineralisation in sediment systems. In some ex-
amples (e.g. Rifle and Hanford) field trials have been con-
ducted. The Sellafield example gives a template for work 
where in situ studies are more challenging; here batch lab-
oratory microcosm studies, followed by column then field 
trial experiments offers a robust procedure to assess and 
optimise bioremediation options for land contaminated 
by radionuclides prior to implementation on site. For all 
scenarios, it should be noted that although radionuclide 
bioremediation offers a potentially low-cost alternative to 
conventional approaches, the long-term effectiveness re-
mains to be assessed and is still a priority for future in situ 
studies. Key topics to consider in future studies therefore 
include rigorous assessments of the long-term stability of 
any radionuclide-containing biominerals formed in situ, 
taking into account the expected biogeochemical evolu-
tion of the sites concerned. Works could also focus on the 
applicability of bioremediation technologies in the co-
treatment of a variety of radionuclides and/or investigate 
the use of multi (bio)remediation technologies and how 
these may interact and effect radionuclide sequestration. 
Additionally, future studies should focus on advancing 
technologies along the technology readiness level (TRL) 
scale to address the need for scaling up of technologies 
from laboratory to field scale whilst also addressing site-
specific factors in the implementation of these technolo-
gies. This could include the adaptation (or augmentation 
as appropriate) of indigenous microbial community and 
manipulations to the subsurface geochemistry to optimise 
remediation endpoints. 
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